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 Globally, mangrove ecosystems have substantially declined, largely as a result of human 
impacts.  Mangroves provide a number of ecosystem services such as shoreline stabilization and 
nursery habitat for fish species. As declines continue, many of these ecosystem services are lost 
or altered.  The need for shoreline stabilization has become more important as chronic erosion 
wears away coastlines once mangroves are removed. Limestone boulders called riprap have been 
employed to offset continued erosion associated with mangrove clearing. In urban coastal areas 
adjacent to Biscayne Bay, Florida, as much as 80 percent of mangroves have been lost.  More 
recently, riprap has been used in conjunction with mangroves to restore wetland ecosystems 
throughout the Bay.  This riprap-mangrove environment provides structure for marine organisms 
to colonize. However, fish assemblages and benthic composition could vary between this 
hybridized habitat and natural mangrove systems. Comparisons of fish and benthic community 
structure were made, to determine if abundance, species richness, and overall diversity differed 
between the two habitat types. Visual census and benthic quadrat surveys were conducted in 
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mangrove and mangrove-riprap sites within two regions of Biscayne Bay. Total fish abundance 
was greater in mangroves, but the effect of habitat type on species richness varied between 
regions. The community structure of fishes and the composition of benthic organisms differed 
significantly between mangroves and riprap habitats.  Because species composition is so distinct, 
it is likely that the two communities do no function in the same manner. In areas with cleared 
shorelines, it may be important to consider the function of added anthropogenic structure for 
ecological communities.  
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Introduction  
Mangrove ecosystems have declined in tropical and subtropical regions worldwide as a 
result of both anthropogenic and natural disturbances (Field et al.1998; Alongi 2002; Mumby 
2004). Some estimates suggest that in the past 50 years around 33 percent of global cover has 
already been lost (Field et al. 1998; Alongi 2002). Natural disturbance events such as storms, 
lightning, and floods often impact mangrove cover, resulting in abrupt losses that often take 
decades to recover (Alongi 2002; Cahoon et al. 2003; Granek and Ruttenberg 2007). However, 
human disturbances are believed to be the main driver of most declines. A recent review by 
Halpern et al. (2007) has predicted that the greatest threats to mangroves are coastal development 
(e.g. filling, dredging), direct human impact (e.g. clear-cutting, pollution), coastal engineering 
(e.g. seawalls, jetties) and aquaculture.  
Mangroves themselves are the target of direct harvest in some areas, as their timber is 
used extensively for both commercial and traditional purposes. In the Sunderbans of Bangladesh, 
the largest expanse of mangrove forest in the world, they are used to provide wood for building 
houses, platforms and scaffolding as well as for cooking and heating (Blasco et al. 1996). 
However, a more pervasive cause of mangrove declines globally is the conversion of mangrove 
habitat to aquaculture ponds. For example, hundreds of thousands of hectares of mangroves in 
Southeast Asia have been converted into aquaculture ponds that produce milkfish and shrimp 
(Naylor et al. 2000; Primavera 1995; Walters 2003). Aquaculture accounts for 52% of global 
mangrove loss, with shrimp farming alone accounting for 38% (Walters et al. 2008). In contrast, 
in the southeastern United States and the Caribbean these trees have been cleared largely for 
urban expansion and coastal development (Strong and Bancroft 1994). Continuation of current 
rates of mangrove clearing are likely to have lasting consequences for ecosystem function, 
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productivity of fisheries, and reduced resiliency of neighboring ecosystems such as coral reefs 
(Mumby 2004; Granek et al. 2009).  
Mangroves are facultative halophytes, having adaptations that allow them to occupy a 
niche in saline waters of estuarine coastlines that most vascular plant species could not tolerate 
(Odum et al. 1982). Their range is determined by a warm climate, tidal fluctuation, and 
appropriate substrate (Odum et al. 1982; Nagelkerken et al. 2000). Mangroves are most 
productive along deltaic coasts or in estuaries which have fine-grained muds with a high 
composition of organic matter (Odum et al. 1982; Faunce and Layman 2009). While most of 
these limitations are not necessarily required for physiological processes, they are important for 
excluding other competitive vascular plants (Odum et al. 1982).   
Mangroves are considered a foundation species because their presence provides the 
structural framework for an entire ecosystem (Bruno and Bertness 2001). Many organisms, 
including birds, fishes, and crustaceans utilize mangroves as habitat. Sessile invertebrates 
including tunicates, sponges, oysters and some coral species colonize the surfaces of inundated 
prop roots, filtering water column nutrients and contributing energy to upper trophic levels 
(Kieckbusch et al. 2004). Fallen mangrove branches and leaves provide a considerable amount of 
plant detritus to sub-tropical-tropical systems with many consumers dependent on mangrove-
derived carbon as an energy source (Thayer et al. 1987).   
Many of the functions provided by mangroves are considered ecosystem services because 
they benefit human needs. Submerged prop root structure provides refuge from predation for 
many juvenile fishes of which many are of commercial or recreational importance and utilize 
nearshore mangrove stands as nursery habitat (Thayer et al. 1987; Ronnback 1999; Nagelkerken 
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2002).  Prop roots stabilize soft sediment and diffuse wave energy, thereby protecting the 
shoreline from tidal fluctuations and storms (Ewel et al.1998; Alongi 2008).  The protective 
capacity of mangroves against storms is perhaps best demonstrated by their mitigation of damage 
from the 2004 tsunami in the Indo-Pacfic (Kathiresan and Rajendran, 2005). Additionally, old 
growth forests are considered optimal ecosystems for the sequestration of carbon (Alongi, 2011). 
Removal of mangroves can alter ecosystem properties through changes in abiotic factors 
such as light availability, temperature, and nutrient supply or through biotic factors such as 
species composition or primary productivity (Granek and Ruttenberg 2008). Degradation of 
mangrove habitat and associated ecosystem functions can lead to losses in ecosystem services 
from cleared mangroves including declines in fisheries, production, diminished carbon 
sequestration, and reduced buffering capacity of shorelines to protect from storm damage 
(Mumby 2004; Alongi 2008; Granek and Ruttenberg 2007). Furthermore, mangrove habitats are 
connected to other tropical nearshore systems through the movements of animals, nutrients, and 
energy (Cocheret de la Morinière et al., 2003). For example, some studies have demonstrated 
that organic matter from mangroves is an important factor for benthic sessile invertebrates in 
nearby coral reefs (Granek et al. 2009). Therefore, declines in mangrove habitat can have far-
reaching impacts that extend beyond the nearshore systems where mangroves are found.  
 In Biscayne Bay, a shallow subtropical lagoon on the southeastern coast of Florida, 
mangrove habitat has declined by as much as 80 percent (Harlem 1979; Milano 2000; Serafy et 
al. 2003). Northern Biscayne Bay, surrounded by the highly-urbanized metropolis of Miami has 
lost even a greater percentage of its once mangrove-lined shoreline (Milano 2000; Serafy et al. 
2003).  In place of mangroves, vertical concrete sea walls and limestone boulders called riprap 
have been erected to reinforce shorelines. Such drastic changes to the shoreline in Biscayne Bay 
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could alter community structure (Serafy et al. 2003). In many areas of Biscayne Bay, restoration 
of mangroves is a major component of environmental management strategies. Natural settlement 
of propagules is reduced along altered shorelines with seawalls because of the lack of suitable 
substrate to catch incoming propagules (Odum et al. 1982). Young mangrove seedlings planted 
leeward of riprap is a common restoration method in areas such as Key Biscayne and Oleta State 
Park (Milano 2000). The riprap stabilizes the shoreline and absorbs wave energy, allowing the 
mangrove propagules to develop. Without direct restoration efforts, natural mangrove 
recruitment could take several decades (Milano 2000; Milano et al. 2007). 
 An emerging area of interest among scientists and environmental managers is the 
ecological comparison of altered and restored habitats relative to natural habitats. Restoration is 
considered effective when it satisfies ecological fidelity, that is, structural and compositional 
replication, as well as functional success and durability (Higgs 1997).  The success of restoration 
projects are measured through long term monitoring and different forms of assessment (Hobbs 
1996; Field 1998; Lewis 2005). In restored areas with both riprap rock and mangroves much of 
the submerged physical structure is dominated by rock with little to no prop root structure. 
Therefore, it is possible that these restored riprap-mangrove shorelines are functioning 
differently to natural mangrove shorelines in terms of habitat for flora and fauna. Comparisons of 
natural mangrove and rip rap rock habitats may provide further insight into how human influence 
alters community structure and is essential for evaluating the efficacy of habitat restoration. 
In this study, natural mangrove and riprap habitats were examined to determine if 
community structure differed across habitat type and region. Specifically, comparisons were 
made between these two habitat types with respect to fish abundance, species richness, diversity, 
and community structure. Additionally, benthic composition was compared between mangrove 
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and riprap systems. Heavily influenced by urbanism, northern Biscayne Bay provided both 
natural and altered mangrove habitats necessary for a direct comparison.  
Materials and Methods  
Study area 
This study was conducted in northern Biscayne Bay, which occupies the area between 
Miami Beach and the Miami metropolitan area (Figure 1). Habitat types consisted of two 
categories: mangrove forests and riprap revetments (henceforth called mangrove and riprap 
respectively, Figure 2). Mangrove habitat was characterized primarily by the presence of red 
mangroves, Rhizophora mangle, with submerged prop root structure.  Riprap habitat consisted of 
submerged limestone rock structure with mangroves planted on the leeward side. Sampling sites 
were selected based on the following criteria: (1) at least 100 m separation between mangrove 
and riprap habitat types, (2) water depth of 95-130 cm at high tide, and (3) mangrove presence, 
either intact stretches or trees planted behind riprap. 12 sites met these criteria and were divided 
into two main areas, north and south. Mangrove and riprap site names are denoted by M and R 
respectively, and regions are depicted as either N for north or S for south. In the north area of the 
Bay (Figure 1), mangrove sites were located at Bay Vista Creek (NM1), the Intra-coastal 
Waterway (NM2) and Oleta State Park (NM3). North riprap sites were located at Florida 
International University Biscayne Bay Campus (NR1), Haulover Channel (NR2), and the Intra-
coastal Waterway (NR3). All north sites were within ~ 3 km of Baker’s Haulover Inlet, the 
northernmost mouth of the Biscayne Bay estuary.  In the south area, mangrove sites were located 
at Bird Key (SM1), Legion Picnic Island (SM2), and Morningside Island (SM3). South riprap 
sites were located at Baywood Park (SR1), Morningside Park (SR2) and Pelican Harbor Park 
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(SR3). All south sites were within ~ 8 km of the nearest mouth of the estuary (Government Cut 
or Baker’s Haulover Inlet). Mangrove canopy heights ranged from 1-10 m.   
 
 
Figure 1. Study locations in northern Biscayne Bay, Florida.  
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Figure 2. Examples of a) mangrove shoreline (site NM2) and b) riprap 
shoreline (site NR1) habitat types.  
 
 
 
A 
B 
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Benthic Surveys 
 The percent cover of benthic substrate was quantified using the Braun-Blanquet method 
with a 1m
2
 quadrat. In areas adjacent to the belt transect used in fish surveys, quadrats were 
thrown haphazardly to reduce biases based on site preference, with the condition that water depth 
was 95-130 cm. A total of 5 quadrat surveys were conducted at each site on a sampling day.  
Benthic categories consisted of hard bottom (e.g. rock and shell), soft bottom (e.g. sand and 
detritus), and living (e.g. oysters and cyanobacteria) with algae identified to genus, seagrass to 
species, and sessile invertebrates identified to  phylum using Humann (1993), Littler (1989), and 
Littler (2000). The areal coverage of each benthic type (e.g. sand or seagrass) was visually 
estimated to the nearest 5 percent. Cover that was indistinguishable and organisms that were 
unidentifiable in the field were recorded in field notes and either photographed or collected as 
samples for further identification.   
Fish Surveys  
 Fish assemblages were surveyed using a modified belt transect census method (Serafy et 
al. 2003). This involved snorkeling along a 30 m x 2 m transect running parallel to the shore and 
recording the identity and number of fishes. Abundances of individual species were estimated 
using numerical bins (see Appendix I.). Estimates were necessary in fish schools totaling over 
1000 individuals, therefore numerical bins were used to help estimate abundance counts.  All 
surveys were conducted within 2 hours of peak high tide.  Visual surveys were conducted 
between September and November to avoid temporal variability in population structure. 
Transects were performed at the same location within the same site on each sampling day. Fishes 
were identified according to Humann (1994). Small juveniles of related species with similar 
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morphology were grouped into single taxon at either the genus or family level (e.g. Haemulidae 
juv. spp., see Appendix II). Following Serafy et al. (2003), small, silvery, fork-tailed, fishes 
commonly found inhabiting the water-column in large schools (e.g. Atherinopsidae and 
Clupeidae) were placed into one single group called small water-column fishes.  
Statistical Analyses 
 For statistical analyses, benthic cover types were simplified into the following groups: 
sand, seagrass, macroalgae, cyanobacteria, macroinvertebrates, detritus, bare rock, and 
unconsolidated hard bottom.  Percent covers of benthic types were then averaged at each site. A 
Multivariate Analysis of Variance (MANOVA) was used to determine if there was an effect of 
habitat type, region, and an interaction between habitat type and region on the mean coverage of 
all benthic types. Where multivariate analysis indicated a significant effect (p ≤ 0.05), post-hoc 
Analyses of Variance (ANOVA) were performed on each benthic cover category. 
Since fish abundance was recorded within numerical bins, the midpoint of each bin was 
used for statistical analyses. Fish abundance was averaged across all surveys to determine a 
mean abundance estimate for each species at each site. Two-way ANOVAs were used to test 
whether species richness or total fish abundance (with and without small water-column fish) 
were affected by habitat type or region (SPSS version 11.0). Community structure of fishes was 
evaluated using Primer6 software. Species by sample matrices were square root transformed to 
down-weight the influence of most abundant species, and converted to a Bray-Curtis similarity 
matrix. An Analysis of Similarity (ANOSIM) was used to test whether community structure 
varied among habitat types and regions. A multi-dimensional scaling (MDS) plot was produced 
to graphically represent similarity in community structure among sites. Similarity percentages 
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(SIMPER) were used to identify which species were most important in driving differences in 
community structure between habitat types and regions.  
Results 
Benthic Surveys 
 Percent cover of benthic types varied significantly across habitat type and region 
(MANOVA, Wilks’ lamda, F7,2= 523.5, P= 0.002, F7,2= 144.8, P=0.007, respectively), and there 
was an interaction between habitat type and region (MANOVA, Wilks’ lamda, F7,2= 160.7, 
P=0.006). Due to the significance of the MANOVA model overall, individual ANOVAs were 
performed for benthic cover type. Macro-invertebrate cover (e.g. tunicates, sponges, and coral) 
was significantly greater in riprap than in mangroves (F1=13.5, P=0.006, see Figure 3 and 
Appendix III for list of taxa), and there was no interaction between habitat types and region 
(F1=0.7, P=0.4). Seagrass cover (e.g. Thalassia, Syringodium, and Halodule wrightii) was low 
across all sites (<10%) however seagrass cover was higher in mangroves (F1=7.0, P=0.03, Figure 
3). Seagrass species were consistently more abundant among mangroves than riprap across both 
regions, (F1=2.9, P=0.1).  
Detritus cover was markedly higher in mangroves in the north than in the south, however 
one riprap site in the south had high detritus cover, therefore there was an interaction between 
habitat type and region (F1=6.4, P=0.04).  There was a marginal difference in detritus cover 
among habitat type (F1=5.1, P=0.05; Figure 3). Sand as substrate was consistently higher in the 
south, particularly among mangroves, than in the north. There was an interaction between habitat 
type and region (F1=60.7, P<0.0001), and a significant difference between habitat types as well 
as regions (F1=87.1, P<0.0001; F1=61.5, P<0.0001). 
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Cyanobacteria cover was significantly higher among mangrove sites than riprap (F1= 11.3, 
P=0.001) across regions. Macroalgae (e.g. Laurencia and Batophora spp.) cover was 
significantly higher (F1=27.0, P=0.0008) in riprap than in mangroves in both regions. In north 
riprap, macroalgae cover was most abundant on the upper surfaces and interstitial spaces of the 
rocks, with patches of bare rock in between. In contrast, algal distribution in south riprap did not 
appear to be limited to these two areas, instead covering much of the rock surface.  Bare rock 
surface was only observed in riprap sites, causing a significant effect of habitat (F1=44.0, 
P=0.0002), and no interaction among habitat type and region (F1=0.07, P=0.8). Unconsolidated 
hard-bottom (e.g. gravel or small rocks) varied highly among sites, therefore there was no effect 
of habitat type and region (F1=0.3, P=0.6; F1= 2.8, P=0.6, respectively). 
 
Figure 3. Benthic percent cover by habitat type and region.  
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Fish Surveys 
 In total, 42 species of fish were identified in surveys, representing 28 families between 
both habitat types.  The most common taxa in mangroves were Atherinopsidae, Clupeidae, 
Urotrygonidae, and Tetraodontidae, as well as juveniles of Haemulidae, Lutjanidae, and 
Sphyraenidae. In riprap, the most characteristic taxa were Tetraodontidae and juveniles of 
Gerridae and Sphyraenidae. However, species composition differed highly between regions, with 
north riprap having the highest species richness. In these sites the most abundant taxa included 
juveniles of Haemulidae, Lutjanidae, Pomacentridae, Acanthuridae, and Scaridae. For a full list 
of taxa observed at each site, see Appendix II. 
 
 
 
Figure 4. Mean fish abundance by region and habitat type. Mangrove 
habitat was consistently higher in fish abundance than riprap in both the 
north and south Bay. 
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Mean fish abundance in the north Bay was significantly higher (F1= 17.1, P=0.003; 32 ± 
1.6 fish/m
2
), than in the south (23 ± 1.6 fish/m
2
).  In mangrove habitat mean fish abundance was 
markedly higher (47 ± 1.6 fish/m
2
) than in riprap (8 ± 1.6 fish/m
2
; F1=280.6, P <0.001). 
 
 
 
 
Abundance without small water-column fishes only differed significantly by region 
(F1=19.8, P=0.002) but not by habitat type (F1=2.4, P=0.20).  When these fishes are excluded, 
mean abundance was still higher in the north Bay (8 ± 1.2 fish/m
2
) than in the south (1 ± 1.2 
fish/m
2
, Figure 5).  There was no significant interaction between region and habitat type (F1=3.9, 
P= 0.08).  
 
Figure 5. Mean fish abundance (without small water-column fishes) by 
region and habitat type. When these fishes are excluded, mean abundance 
becomes signficantly higher in the north Bay.  
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Species richness was significantly different across regions (F1=23.6, P=0.001, see Figure 
6), with a mean higher in the north Bay (23.2 ± 2.2) than in the south (8.7 ± 2.1). There was no 
overall effect of habitat type on species richness (F1=2.2, P=0.2). However, the higher species 
richness in the north was primarily driven by higher mean richness in riprap habitat, whereas 
species richness didn’t differ among regions in mangrove, leading to a  significant interaction of 
species richness between habitat type and region (F1=13.6, P=0.006).   
 
Figure 6. Species richness by habitat type and region. Richness was 
significanty different between riprap in different regions, but not between 
mangrove habitats.  
 
 
 
  
15 
 
 
 
Fish assemblages differed significantly in total richness and dominant species between 
both regions and habitats. Small water-column fish (e.g. Atherinopsidae, Clupeidae) contributed 
the most to driving differences between riprap and mangrove communities in both regions. 
Species richness was not consistent across all mangrove sites. One northern mangrove site (NM3) 
had high species richness (n=20) compared to the average species richness of all other mangrove 
sites (n=11). This site had uncommon species not observed at any other mangrove sites (e.g. 
Acanthuridae, Scaridae, see Appendix II), but were observed in riprap sites nearby.  
Figure 7.  MDS plot of community structure across sites and regions. 
Riprap communities were  similar within each region but differed between 
north and south. Mangrove communities were similar across both regions. 
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Fish community structure differed between riprap and mangrove habitats and between 
regions (ANOSIM; R=0.981, and R=0.667, respectively). Mangrove sites were generally similar 
between north and south (mean similarity 79.17%, Figure 7), being dominated by red ear herring 
and silversides (e.g. small water-column fish). In contrast, riprap communities were more 
dissimilar (mean similarity 59.39%). Average species richness was greater in northern riprap 
sites (n=26) than in localities from the south (n=5). Flag-fin mojarra (e.g. Gerreidae) and species 
of juvenile grunts (e.g. Haemulidae) were the dominant species driving differences between the 
two regions. Grunts were absent from surveys in the southern riprap sites but were the most 
abundant fish in north riprap. Flag-fin mojarra made up a significant portion of the fish 
composition in south riprap sites.  
 
Discussion 
 
 The results of this study suggest that community structure differed substantially between 
mangrove and riprap associated habitats in both fish assemblages and benthic composition. The 
primary drivers of these differences are likely the structure of riprap revetments vs. mangrove 
prop roots, cover by macroalgae, and whether the benthos was composed of soft sediment or 
unconsolidated hard bottom. Because fish assemblages in riprap were significantly different 
between regions, there may also be an effect of proximity to the nearest open ocean source. 
Many of these factors could explain the differences in species composition in these communities. 
Because species composition is so distinct, it is likely that the two communities do not function 
in the same manner (Higgs 1997). 
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Because structural complexity of mangrove habitats is critical in attracting fish, it is 
likely that the differences in habitat structure between mangroves and riprap (e.g. prop roots vs. 
rock surfaces) were responsible for the variation in community composition between these two 
habitat types. Because the primary purpose of riprap is to reinforce shorelines, its structural range 
may be restricted to a few meters from the embankment, potentially limiting the distribution of 
intertidal or subtidal organisms. Riprap revetments in Biscayne Bay are usually installed at least 
0.30 m below mean low water (MLW) and extend to an elevation of 0.60 m above mean high 
water (MHW), with a slope designed to be no greater than 2 horizontal boulders to 1 vertical 
boulder (Markley et al. 1992). Because the diameters of each boulder are between 0.30-1.0 m, 
the incline of riprap can be much steeper than more gently sloping natural shores. The boulders 
are stacked in a way that creates crevices and small but numerous interstitial spaces (Markley et 
al. 1992). This limited distribution in vertical and horizontal structure as well as small interstices 
seems analogous to hard bottom reefs and may explain some of the high abundance and richness 
of reef fish species in northern riprap (Bulleri and Chapman 2010). 
 In contrast, mangrove communities are usually found in gently sloping coasts with fine 
sediments (Odum et al. 1982). Prop roots at high tide allow for a much wider expanse of physical 
structure, often spanning tens of meters in breadth (Odum 1982). Many fish species have been 
known to use prop roots for refuge from predators (Nagelkerken et al.2000). In contrast, 
mangroves often contain large cavities of open interstitial space among prop roots, which could 
allow unrestricted movement of more mobile species and provide refuge for large fish schools. 
Schooling species, like the small water-column fishes, could have been precluded from riprap by 
the lack of appropriate refuge. The high abundance of small water column fish in mangroves 
compared to the low abundance or absence in riprap may suggest that schooling species prefer 
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prop root to rock structure. This variation in the quantity and quality of habitat structure was 
most likely the primary driver in differences in fish assemblages between the two habitat types.   
While physical structure seems likely as an important driver for differences in fish 
communities, it may also be an important factor for algal composition. Cover by macroalgae was 
particularly high in riprap while either absent or in much lower abundances in mangroves. 
Riprap may provide more suitable substrate for algal growth than mangrove prop roots because 
of higher surface area and rugosity. Indeed, increased structural complexity in reef environments 
is strongly correlated with high species diversity, primary productivity, and biomass density 
(Zawada et al. 2010). Additionally, complexity in topography has been shown to dissipate wave 
energy and thereby enhancing nutrient uptake (Hearn et al. 2001; Zawada et al. 2010), which 
could in turn affect algal growth.   
There was a regional effect of algal composition, where genera-level diversity was 
highest in south riprap (see Appendix III). Algal morphology in south riprap was filamentous 
and structurally complex (e.g. Chaetomorpha spp.), but turf-like and compressed (e.g. 
Cladophora and Batophora spp.) in north riprap. Interestingly, grazing species, such as sea 
urchins and parrotfish were prevalent among north riprap, while absent in south riprap.  
Abundances of herbivorous fishes and invertebrates may explain the differences in algal 
morphology (e.g. turf-like vs. filamentous). Diaz-Pulido et al. (2007) demonstrated that 
herbivory plays an important role in controlling morphological differences and life history 
processes in certain macroalgae. In the presence of herbivores, Padina boergesenii morphology 
shifted from an upright blade to a more robust prostate crust and reverted back to the blade form 
again when herbivores were absent. The robust crustose form may be more difficult to consume 
because its shape may exceed the gape of the herbivore’s mouth. Another study showed how net 
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community primary production actually declined in the absence of grazing Diadema urchins, 
despite having higher algal biomass (Carpenter 1986). This may be explained by the fast growth 
rates of filamentous algae to replace tissues lost to grazing Diadema.  
Perhaps macroalgae in areas of intense grazing pressure have adapted more robust turf-
like morphologies to tolerate herbivore consumption. It is also possible that increased grazing 
opens spaces of exposed bare rock, providing settlement space for sessile macroinvertebrates 
such as oysters or encrusting sponges (Lotze et al., 2000). Macroalgae in south riprap often 
accounted for over 50% of total benthic cover at most sites with only one site (SR2) having less 
than 15%. At SR2 there was a consistently high amount of detrital Syringodium filiforme 
washing on shore. This detritus was found suspended throughout the water column, possibly 
smothering and/or limiting light availability to algal species. Because grazers were absent from 
this location, smothering by detritus could explain low algal cover. In mangroves, light 
availability could possibly limit algal growth (Granek and Ruttenberg 2009), however shading 
effects from trees are absent or reduced in riprap. Canopy height behind riprap is often shorter 
(~2-5m) relative to existing stands of mangroves (~4-12 m) (Figure 1), most likely due to 
differences in age, as most trees planted behind riprap are a result of restoration, and thus are 
relatively young (Milano 1999b; Milano 2000). 
Another potentially important driver of differences in community structure between 
regions is the presence or absence of unconsolidated hard bottom, compared to soft sediment 
such as sand. This material was observed almost exclusively in areas that had been previously 
dredged to create channels or spoil islands ( Milano 1999b; Milano 2000). In fact, over fifty 
percent of benthic cover in the North Bay is barren due to dredge holes, fill placement, and 
chronic high levels of turbidity (Harlem 1979; Milano 1983).  Routine dredging in areas of 
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Biscayne Bay such as the Intra-coastal Waterway (ICW) elevates levels of turbidity which has 
been correlated with water-quality degradation and reduction of light penetration in the water 
column, thereby limiting primary productivity (Wanless et al. 1984). One of main reasons for 
implementing riprap revetments is to reduce erosion of shorelines and re-suspension of 
sediments in areas lacking natural protection (e.g. mangroves) (Markley et al. 1992; Milano 
1999b, Milano 2000).  
Ecological impacts of dredging and dredge spoil such as losses in primary productivity 
and smothering of benthic communities in other estuarine systems have been well documented 
(Morton 1977). Several of the mangrove sites in this study (SM1, SM2, SM3) were originally 
spoil islands created as a by-product of the dredged material from the development of Intra-
coastal Waterway in 1900s (Milano 2000; Wanless 1984). The introduction of mangroves, often 
following the removal of exotic species such as Australian Pine (Casuarina equisetifolia) and 
Brazillian-pepper (Schinus terebinthifolius) has helped to stabilize unconsolidated hard bottom. 
Further growth of prop root structure and proximity to neighboring beds of seagrass may help 
trap finer sediments such as sand. Indeed, benthic cover on many of these islands is mostly sand, 
most likely owing to the presence of mangroves stands. Alteration of bottom habitat of Biscayne 
Bay through dredging and creation of spoil islands would almost certainly affect community 
structure on a large scale. 
An unexpected result was the variation in fish diversity and abundance in riprap between 
regions. Potential variables that could affect fish community structure, such as water depth and 
proximity from shore, were controlled for in this study. The higher observed species richness in 
the north could be explained by the proximity to the nearest inlet (average distance = 1.83 km 
from Baker’s Haulover Inlet), whereas the south locations were on average 8.46 km away from 
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the nearest inlet (either Baker’s Haulover Inlet or Government Cut). Larval recruitment may be 
enhanced in north sites due to oceanic exchange from the nearby inlet. Larval recruitment to the 
south region may be limited because of reduced hydrological forces and lack of substrate. If the 
observed patterns of higher abundances and more diverse assemblages of fish associate with 
riprap in areas with direct pelagic influence, geographic location may affect the relative value of 
seemingly similar restored habitat types (Warner et al. 2000; Reyier et al. 2008).  
The results of this study suggest that there are distinct differences in both benthic 
composition and patterns of fish assemblages between riprap and mangrove communities. Riprap 
appears to support a higher species richness of fish, macroinvertebrates, and macroalgae. The 
composition of fish species in riprap appears to be analogous to that of a hard-bottom reef habitat 
(for species list, see Appendix II). In contrast, fish species observed in mangroves were typical of 
known mangrove associates (e.g. silversides, red ear herring, and mangrove snappers; Odum 
1982). Mangroves are known to serve as nursery habitat for juvenile reef fish species, (Faunce & 
Layman, 2009), however among sites studied in Biscayne Bay, it would appear that riprap may 
also serve as a type of nursery for these species. Because mangrove cover in the north Bay has 
been removed for development, it is important to consider the function of added anthropogenic 
structure in ecological communities.  
When limestone boulders are used as artificial reefs, many marine organisms will rapidly 
colonize the structure, with some fish species arrivals occurring within a few minutes of 
introduction (Cummings 1994). However riprap may not provide the same ecosystem services 
such as carbon sequestration, water purification, and flood control. In areas with mangroves 
growing behind riprap, detrital contributions from trees may be washed away with greater ease 
than areas with complex prop root structure. This could have a bottom-up effect on riprap 
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communities, because mangrove detritus is an important source of production (Ogden 2005). 
Export of mangrove organic matter to neighboring ecosystems such as seagrass and coral reefs 
could also be enhanced by the reduced retention capacity of riprap. Other changes in processes 
such as water flow, rates of sedimentation, and larval recruitment caused by the presence of 
artificial structure may have further effects of adjacent natural habitat (Bulleri and Chapman 
2010).  
Due to the widespread removal of mangroves in Biscayne Bay (Harlem 1979; Milano 
2000; Serafy et al. 2003), there were difficulties finding enough intact mangrove habitats to 
compare with mangrove-riprap shorelines. Increasing the number of observations in this study 
could potentially yield different findings. However, the results in this study showed significant 
differences in the both fish assemblages and benthic composition between the two habitat types 
that are likely representative of other areas with mangrove or riprap in the Bay. For example, 
Scarus guacamaia, Acanthurus chigurus and other hard-bottom reef associated species were 
observed in high abundances in riprap habitat bordering the Cape Florida Lighthouse in Bill 
Baggs State Park, in Key Biscayne Florida as well as in riprap lining the Government Cut 
channel, located between Fisher Island and South Point, in Miami Beach Florida (Peters, 
personal observation). Additionally, similar mangrove-associate fish species (e.g. Lutjanidae 
griseus and Menidia menidia) were observed in mangrove habitats in Coconut Grove, Florida 
during preliminary searches for study locations.   
The ecological roles of mangroves are unique and most likely irreplaceable. These 
become more apparent as their expanse continues to decline. Human populations are expected to 
rise, particularly in coastal areas, which could drive continued losses in remaining mangrove 
forests. Protection of existing forests should take priority over restoring ones lost. Once a 
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mangrove forest has been cleared it is costly, time consuming, and nearly impossible to restore 
many of those functions back to the same level (Markley et al. 1992; Milano 1999b; Milano 
2000). Restoration planning should involve attentive design and careful approach, to not only 
save resources, but to also ensure efficacy. Long term monitoring is essential in order to 
determine if the restoration is successful. Mangrove restorations should consider how additional 
structure such as riprap may alter community structure. While riprap revetments may provide 
enhancements such as wave attenuation, structure for refuge and nursery habitat, and protective 
barriers for young mangroves (Milano 2000), they do not support an ecosystem completely 
analogous to mangroves. If mangroves are continually deforested, and replaced with riprap or 
bulkheads to protect urban shorelines, the communities they once supported will almost certainly 
shift, and ecological roles may be affected.  
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Appendix I.  Numerical bins scoring system for fish surveys.  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
1 (individual fish)
2-5
6-10
11-20
21-30
31-40
41-50
51-100
101-150
151-200
201-300
301-400
401-500
501-1000
1001-1500
1501-2000
2001-3000
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Appendix II. Species of fishes by site 
 
 
 
Species NR1 NR2 NR3 SR1 SR2 SR3 NM1 NM2 NM3 SM1 SM2 SM3
Abudefduf saxatilis X X X X X
A. taurus X
Acanthurus chirugus X X X X
A. coeruleus X
Aeobatus narinari X
Anisotremus virginicus X X
Archosargus probatocephalus X
A. rhomboidalis X X X
Canthigaster rostrata X X
Caranx ruber X X X
Centropomus undecimalis X
Dasyatis americana X
Eucinostomus melanopterus X X X X X X X X X X
Gerres cinereus X X X X
Haemulidae (juv. spp.) X X X X X X X X X
H. aurolineatum X
H. chrysargyreum X X
H. flavolineatum X X X X
H. sciurus X X X X
Halichoere bivittatus X X
Harengula humeralis X X X X X
Lutjanus apodus X X X X
L. griseus X X X X X X X X X
L. jocu X
L. synagris X X X
Menidia menidia X X X X X X X X
Microspathodon chrysurus X X
Mugil cephalus X X X X X X X X X
Ocyurus chrysurus X X
Pomacanthus para X X
Scarus guacamaia X X X
S. iserti X X
S. taeniopterus X X X X
Sparisoma aurofrenatum X X
S. radians X X
Sphoeroides testudineus X X X X X X X X X X X X
Sphyraena barracuda X X X X X X X X X X X X
Stegastes adustus X X X
S. leucostictus X X
Strongylura notata X X X X X
Trachinotus carolinus X
Urobatis jamaicensis X X X X X X X X X
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Appendix III. Benthic organisms by site.  
 
 
 
 
 
 Benthic Organism NR1 NR2 NR3 SR1 SR2 SR3 NM1 NM2 NM3 SM1 SM2 SM3
Seagrass Species
Halodule wrightii X X X
Syringodium filiforme X X X X X
Thalassia testudinum X X X X X
Macroalgae Genera
Acanthophora X X X X
Batophora X X X X X
Caulerpa X
Ceramium X
Chaetomorpha X X
Cladophora X X X X X X
Laurencia X X X X X X X
Polysiphonia X X
Sessile Macroinvertebrates
Ostreidae X X X X X X X X X X X X
Porifera X X X X X X X X X X X X
Siderastrea X X
Tunicata X X
